B
iological invasions are a major driver of environmental change (Mack et al. 2000) , and the impacts of biological invaders on biodiversity and ecosystem processes are increasing globally (McGeoch et al. 2010) . Recent syntheses have rapidly advanced our understanding of biological invasions by moving beyond studies of the invasiveness of individual species to addressing the invasibility of ecosystems and the resulting impacts of invasion (Blackburn et al. 2011 , Strayer 2012 . However, the term reinvasion, which refers to the reestablishment of nonindigenous species after control, is rarely mentioned or considered explicitly as describing processes that may differ from those operating during the initial invasion (e.g., Richardson et al. 2011) . For instance, a Web of Science search of the term reinvasion revealed fewer than 300 references over the 30-year period from 1985 to 2015. Over the same period, the term invasion yielded more than 27,000 references. Neither reinvasion or reestablishment are listed in the recent Encyclopaedia of Biological Invasions (Rejmánek and Simberloff 2011) . But reinvasion is not a novel term; for example, a Google Ngram analysis of the term shows that it has been in usage in agricultural and ecological literature since at least the 1860s (e.g., Bentham 1861) . And although Blackburn and colleagues' (2011) unified framework for biological invasions implicitly includes management of reinvasion once a species has become fully invasive (category E in their table 1), little further consideration is given to the distinctiveness of this problem; the focus remains on categorizing, understanding, and managing initial invasion events.
However, the problem of reinvasion is significant. For example, up to 19% of rodent eradications on islands worldwide fail because of reinvasion (Howald et al. 2007) , and across all taxa, more than 50% of eradication attempts fail (Pluess et al. 2012) , commonly because the invasive species returns. Internationally, there is a large and active research focus on reinvasion compared with the initial invasion. Indeed, without explicitly stating it, many studies deal primarily with reinvasion rather than with initial invasion events (table 1; Russell et al. 2009 ). Indeed, the potential for reinvasion is a prominent feature of evaluating the likely success of an eradication attempt (Bomford and O'Brien 1995, Parkes and Panetta 2009) .
Here, we interpret the term reinvasion to describe the reestablishment of a nonindigenous organism in an area it had previously invaded but was controlled or eradicated to mitigate damage (table 1) . This definition includes not only islands freed from pests but also mainland areas where an invader is controlled. Reinvasion of pests from outside a managed area is not restricted to eradicated areas but also occurs where there has been incomplete eradication, thereby creating the need to prevent or manage reinvasion. Reinvaders often thus skip several stages of the "classic" invasion pathway. Of the six stages of invasion summarized in Catford and colleagues (2009)-transport, introduction, colonization, naturalization, spread, and impact-the first four may not necessarily apply to reinvasion. We argue that whereas the demographic processes may be similar for initial invasion and for reinvasion, the biophysical influences that determine success differ radically during the establishment (initial invasion) and reestablishment (reinvasion) phases. The differences among invasion, reinvasion, and reinvasion after incomplete eradication are conceptualized in figure 1 .
Below, we outline fundamental differences between initial invasions and reinvasions that have not been clarified to date. This lack of distinction limits efforts to understand the ecological processes contributing to reinvasion, manage reinvasions cost-effectively, prioritize control actions for reinvasion, and incorporate the significant threat of reinvasion into systematic conservation planning (e.g., see Helmstedt et al. 2016 ).
Why reinvasion is not invasion again
Factors determining reinvasion success differ from those determining initial invasion success for three reasons. First, changes may occur in the reinvader itself, arising either in the form of genetic or behavioral changes. Second, biotic or abiotic changes in the environment may have taken place in the interval between initial invasion and reinvasion, altering reinvasion processes. Third, interactions between the reinvader and other organisms in the recipient ecosystem may be radically different from those prevailing during an initial invasion. All these changes have been recognized in the literature as a potential result of the impact of an invader, but there has been very little consideration of how these changes may facilitate or impede reinvasion. Moreover, in many cases, reinvasion will be more rapid and spatially extensive than initial invasion and population growth (e.g., Innes et al. 1995) because the early stages of the invasion process are bypassed. As such, management actions designed in response to an initial invasion will not necessarily be the most appropriate to manage reinvasion. Below, we explore these three differences between invasion and reinvasion, and in box 1, we illustrate them with two well-studied case studies that reveal the changes in invaders and their environment: cane toads (Rhinella marina) and rabbits (Oryctolagus cuniculus) in Australia, which are under intense management where they are established but are still invading new areas.
Changes in the reinvader. Despite the eradication or widespread suppression of a successful invader, the pool of reinvaders can be greater than the invader source population, thereby leading to more rapid or spatially widespread reinvasion compared with the initial invasion. These changes substantially increase propagule pressure, allowing reinvaders to overcome Allee effects more rapidly than during an initial invasion (Tobin et al. 2011) . For example, Connolly and colleagues (2009) recorded substantial, continuous reinvader pressure by nine introduced mammal species at exclusion fences around a New Zealand pest-free sanctuary. Species with the highest propagule pressure were primarily responsible for reinvasion events. In particular, reinvasion pressure by stoats (Mustela erminea) on the fenced sanctuary was two orders of magnitude greater than stoat invasion pressure reported for a near-shore island off New Zealand (Anderson et al. 2016 ). Changes in the reinvader can also take the form of altered behaviour, such as trap-or bait-shyness (Cromarty et al. 2001) , which may leave a residual population ready to reestablish in the treated area. If these behavioral changes are passed from one generation to the next, new tactics would be required to deal with reinvasion compared with those used for initial invasions.
Reinvaders can also evolve in response to selection pressures in the new environment (Vellend et al. 2007 ). For example, the body mass of invasive mustelids increases (King 1991) or decreases (Zalewski and Bartoszewicz 2012) in response to resources available in newly invaded regions, thereby preadapting reinvaders to rapid population recovery in future reinvasion attempts. Likewise, longerlegged cane toads at the invasion front in northern Australia now exhibit a more rapid rate of advance than at any previous time in the 80 years since introduction of this species to Australia (Phillips et al. 2006) . Individuals with shorter legs in populations behind the invasion wave will be the reinvaders that will spread more slowly into locally extirpated areas after a control program than during the initial invasion, potentially creating novel opportunities to prevent reestablishment (Letnic et al. 2015) .
MAINLAND ISLAND
Reinvaders may also develop genetic resistance to control methods. For example, prolonged exposure of rodent populations to anticoagulant poisons in Europe and elsewhere (Pelz 2005) has increased the likelihood that reinvaders contain genetic mutations for resistance, facilitating rapid reinvasion into areas where toxic baits have been applied. Genetic resistance to biocontrol agents can have similar effects (e.g., Hufbauer and Roderick 2005) . Reinvaders into a depleted population can also increase genetic diversity via admixture, potentially leading Box 1. Continued.
European rabbit, Oryctolagus cunniculus (human-modified landscapes)
Invader characteristics Initial invasion: The initial introduction of rabbits (figure 3) to the Australian mainland involved just 24 individuals from rural England, released on Christmas Day 1859. Reinvasion: Rabbits have adapted morphologically and physiologically to Australian landscapes (Williams and Moore 1989) ; they have longer ears in hotter regions, which allow improved thermal regulation, and moult less often in alpine areas. These traits overcome the thermal constraints and water stress that curtailed the initial range spread (Williams 1995) . Population recovery is typically rapid because of high propagule pressure (Williams 1995) , but immigration can be slow (Wood 1980) , potentially because of social exclusion of access to warrens by residual individuals (Kolb 1994).
Environment characteristics
Initial invasion: Sheep-grazed landscapes facilitated the initial widespread invasion (Williams 1995) , and burrows left by native marsupials aided establishment (Jarman and Johnson 1977) . Reinvasion: The presence of extensive rabbit warrens allows rapid population recovery: warren ripping has become vital to long-term control (Williams 1995) . Twenty-first-century landscapes are unable to support densities comparable to those in the initial boom.
Characteristics of trophic interactions
Initial invasion: There were few native terrestrial predators or competitors to slow invasion. The widespread destruction of native predators (Rolls 1969) contributed to the spread of up to 100 kilometers per year. Reinvasion: Population recovery following control is now severely suppressed by alien red fox populations, which regulate the dynamics of rabbit population recovery (Pech et al. 1992) , and by native raptors, which have expanded their distributions and are reliant on rabbits. Introduced viruses (myxomatosis and rabbit haemorrhagic disease, RHD) dampen population recovery following other control methods. Rabbits have evolved partial resistance to myxomatosis (Fenner and Ross 1994) and the commonly used pesticide sodium monofluoroacetate (Twigg et al. 2002 ) and appear to be developing resistance to RHD (Parkes et al. 2008 ).
Key management strategies
Invasion prevention: Fences to exclude propagules. Bounties to reduce propagule numbers at the edge of the invasion front. Reinvasion prevention: Warren ripping to overcome environmental change; multiple strains of viral control agents released to overcome resistance (Williams 1995 to greater resilience and future invasion potential (Kolbe et al. 2008) .
In all these examples, inherited or learned traits that make reinvaders less susceptible to commonly used control methods or that preadapt them to their reinvaded environment will impede our ability to manage reinvasion effectively.
Changes in the environment. Between an initial invasion and subsequent reinvasion events, significant environmental changes may occur that either impede or facilitate reinvasion, making it different (in speed or success) from the initial invasion. For example, invading herbivores often overexploit their food resources, as was observed for sheep (Ovis aries) in the late 1800s in Australian rangelands (Caughley 1977) . In such situations, subsequent reinvasions can never reach the same peak abundance because of irreversible environmental change brought about during the initial invasion (e.g., Freeland et al. 1986 ). Changes in the successional state of vegetation may also impede reinvasions. For example, intact native forest in Madagascar supports few black rats (Rattus rattus) compared with forest disturbed by logging, which supports higher numbers of reinvading rats (Lehtonen et al. 2001) . Likewise, there is increasing evidence that ecosystem disturbance (either caused by the reinvader itself or altered abiotic conditions including as a consequence of eradication effort; see Byun and Lee 2017) can dramatically alter the reinvasion success of invasive plants (Buckley et al. 2007) .
Conversely, the ability of a species to reinvade may be enhanced when environmental conditions are favorable relative to the initial invasion event, because of either changes in abiotic conditions or those brought about by the invader itself. Invasive species that are ecosystem engineers provide the best examples. For instance, the ability of European rabbits to reinvade large areas of the Australian rangelands was significantly enhanced in areas where they had previously created warrens (Williams 1995) . Action to prevent rabbit reinvasion therefore focuses on reversing this engineering effect by destroying warrens, a management option that is not relevant to preventing initial invasions. Similarly, attempts to eradicate weeds during the initial invasion may need modification to manage reinvasion, whereas reinvaders benefit from altered nutrient loads, new fire regimes, or changes in hydrology (Levine et al. 2003) . In all these examples, environmental changes alter the rates of population increase of reinvaders compared with the original invasion.
Changes in trophic interactions. The term invasional meltdown was first used to describe ecological processes in which nonindigenous species facilitate one another's invasion (Richmond et al. 2014) . They are controlled to protect sensitive sites and to reclaim areas snake free (Engeman and Vice 2001). To achieve widespread suppression, trapping occurs over large areas to create isolated areas far from invasion hubs, with aerial baiting used to increase the scale of operation. Key microhabitats (fence lines) are targeted with spotlight searches, supported by regular monitoring and surveillance, including the use of detector dogs. The prey base of introduced species (sparrows, pigeons, and rats) is also targeted following snake removal to decrease habitat quality and slow the rate of population increase after control. In order to achieve social license to operate, public-awareness campaigns help with the sustained nature of the effort required to maintain snake suppression (reviewed by Engeman and Vice 2001).
Managing invasion: Strategies in Hawaii
The main strategy to prevent invasion is targeting routes of invasion (invasion hubs) and transport routes, such as fumigating cargo and using detector dogs (Engeman and Vice 2001). These intense targeted techniques are used to prevent expansion beyond port areas. There is a strong public reaction to detected invasions, but it is difficult to get social license to operate to support prevention actions (Finnoff et al. 2007 ). Modeling suggests that a reactionary approach risks overlooking the expansion of established, undetected animals and that greater surveillance would be more cost-effective in the long run (Burnett et al. 2008) . 
Fire ants, Solenopsis invicta and Solenopsis richteri

Managing reinvasion: Strategies in the United States
Fire ants (figure 5) were accidently introduced to the United States in the early 1900s and caused considerable economic and ecological impacts (Drees et al. 2012) . Established populations of fire ants in the United States are difficult to eradicate because of the scale of infestation, high costs of treatment, and limitations of the treatment. Reinvasion from neighboring untreated areas typically occurs within 18 months. To counter these issues, integrated pest management is used to slow reinvasion rates. This includes large-scale baiting, often coupled with other targeted approaches that might vary in cost, efficacy, and impact on native invertebrate assemblages (Drees et al. 2012 ).
Managing invasion: Brisbane, Australia, and Auckland, New Zealand
In Brisbane, responses to detected invasions were rapid, with intense effort and use of broadscale baiting to eliminate detected individuals and population spread. Toxic baits were used to ensure the spread of toxins through the colony. Risks to local insect fauna were accepted as collateral damage, although it seems that these have not eventuated (McNaught et al. 2014 ). Responses to fire ant incursion in New Zealand were also rapid, intense, and widespread around the invasion point (Auckland Airport) and matched with follow-up surveillance to ensure eradication (Pascoe 2002). (updated examples are summarized in Simberloff 2006) . But what of "reinvasional meltdown"? For example, invasive red foxes (Vulpes vulpes) rapidly reestablish in controlled areas in Australia where there are also nonnative rabbits (Redhead et al. 1991) , with severe consequences for native prey (Saunders et al. 2010) . Conversely, alien predators may be compromised in their ability to reinvade if native prey have been driven to low numbers or to extinction (e.g., Doody et al. 2009 ) or if nonnative prey are no longer present (Saunders et al. 1995) , subsequently altering intraguild interactions among the reinvading predator and native predators (Glen and Dickman 2005) .
When reinvaders are prey themselves, their ability to reinvade may be enhanced or compromised if their suite of enemies has changed since the original invasion (cf. the enemy release, enemy reduction, and enemy inversion hypotheses; Catford et al. 2009 ). For example, some native predators learn to avoid the toxin in invasive cane toads in Australia (Webb et al. 2008) , potentially allowing predation to slow toads' reinvasion after control relative to the initial invasion. Conversely, the presence of new predators or pathogens may impede the ability of reinvading prey to make the most of their new environment, as has been shown for rabbits in Australia during reinvasion compared with invasion phases (Pech and Hood 1998) .
Mutualistic interactions, such as mycorrhizal associations and seed dispersal of plants, may be altered by reinvasion processes. For instance, invasive brushtail possums (Trichosurus vulpecula) and red deer (Cervus elaphus) disperse ectomycorrhizal fungi via fecal pellets, which in turn facilitate the spread of introduced conifers in New Zealand (Wood et al. 2015) . Successful prevention of tree reinvasion after removal (Dickie et al. 2014 ) therefore requires simultaneous control of these invasive vectors of fungal spores. In Mauritius, reinvasion by the plants Ligustrum robustum and Clidemia hirta is enhanced by the presence of an introduced seed disperser, the red-whiskered bulbul (Pycnonotus jocosus; Linnebjerg et al. 2009 ). Here, reinvasional meltdown is a consequence of the altered dynamics of reinvasion compared with conditions during the initial invasion.
Changes in the abundance of intraspecific competitors relative to that in the original invasion may also prevent establishment of a reinvader (Efford et al. 2000) and provide an opportunity to exploit Allee effects to control it (Tobin et al. 2011) . Similarly, the reestablished presence of indigenous competitors may suppress reinvasion (Stokes et al. 2009 ). Such competitive interactions may be managed in a metapopulation context in order to reduce the probability of reinvasion among patches.
The impacts of pathogens or parasites may also be altered for reinvasion. For example, assisted reinvasion of introduced brown trout (Salmo trutta) in New Zealand may benefit native fish by acting as a sink for native parasites, thereby diluting the negative impacts caused by the reinvader on native fish fauna (Kelly et al. 2009 ). In an example of an invasive triad, the larvae of torymid wasps can disperse via briar (Rosa rubiginosa) seeds in the fecal pellets of brushtail possums (Rouco and Norbury 2013) . Novel parasites associated with invaders also may have an impact on native predators or competitors (see review by Bulte et al. 2012) , reducing barriers to reinvasion. Conversely, reinvaders may encounter pathogens or parasites that were not present during the initial invasion, thereby slowing their progress (e.g., Phillips et al. 2010 ).
Why manage reinvasion as distinct from invasion?
The cost of controlling established invasive species is a multibillion-dollar industry globally (Pyšek and Richardson 2010) . Preventing the initial establishment of an invader is ultimately more cost-effective than postestablishment control (Pimentel et al. 2001 ), but there is vast management effort directed toward established invasive species. Without a better understanding of the fundamental differences that distinguish reinvasion from the initial invasion process, such management efforts will be inefficient at best and, at worst, expensive and unsuccessful. The field of integrated pest management recognizes the challenges in dealing with changing pests and environments but largely deals with established pests.
Because reinvasion is not simply invasion again, the temporal and spatial scales of management responses to a reinvasion event are likely different from those of an initial invasion. In terms of the temporal scale of responses, managing or preventing invasion requires rapid, urgent, and intensive responses to prevent invaders establishing viable populations. This can involve exceptional allocation of resources and major impositions on society (e.g., see the review of California's response to invasion of the marine alga Caulerpa taxifolia in Anderson 2005) that are not sustainable or acceptable in the long term. In contrast, management of reinvasion following control necessarily requires a sustained effort at a lower intensity with lower immediate cost for stakeholders. In terms of the spatial scale of the response, an invasion response is typically highly localized and focused on key points of entry or discovery and potentially suitable habitat for an invader. In contrast, routes of reinvaders are often diffused over larger boundaries or result from in situ recruitment after control (e.g., Byun and Lee 2017). Targeting entry points and reinvasion nodes is generally more difficult and may require a switch to lowcost methods of detection and control that can be applied over large areas (Harris et al. 2012) . In box 2, we further show how the temporal and spatial scales of responses differ between the successful management of invasions and reinvasions, using brown tree snakes (Boiga irregularis) and fire ants as case studies.
Despite better opportunities for understanding the consequences and costs of reinvasion, optimal, costeffective approaches to managing reinvaders are plagued with uncertainty both in theory (Chadès et al. 2011 ) and in practice (Pyšek and Richardson 2010) , and cost-effective solutions for dealing with reinvasion are urgently required (Harris et al. 2012 ). The issue is becoming more pressing with the realization that eradication of many established invasive species is impossible; consequently, long-term management of reinvaders will be required to maintain their populations at tolerable densities (i.e., below a densitydamage threshold; Norbury et al. 2015) .
There is also increasing recognition that the management of reinvaders should be an integral part of systematic conservation planning and prioritization (JanuchowskiHartley et al. 2011) . Management of reinvasion creates the potential for remnant native biota to expand from small, isolated individual sites to create interconnected networks of Box 3. Case studies demonstrating differing actions to manage invasion versus reinvasion.
For references, see the supplemental material.
1. Response to changes in propagule pressure Edwards and Leung (2009) demonstrated the possibility of eradicating the invasive tunicate, Ciona intestinalis (figure 6), from Prince Edward Island, Canada. Rapid reinvasion of the tunicate occurs when management is only localized and uncoordinated, which is the strategy used to remove new arrivals. Changing the spatial configuration and timing of tunicate control substantially alters propagule pressure, making the eradication of reinvaders possible.
Response to genetic and evolutionary changes in the reinvader
The invasive bryozoan Watersipora subtorquata (figure 7) has evolved resistance to copper-based antifouling paint used on ships. It now grows faster, has better survival, and can reinvade more rapidly (McKenzie et al. 2012 ) to outcompete native species that remain copper sensitive. Novel strategies to reduce reinvasion of copper-tolerant W. subtorquata include eliminating copper-based antifoulants and changes to dry-dock defouling practices (Piola et al. 2009 ) to prevent new incursions. 
Response to changes in ecological interactions relative to initial invasion
Leger (2008) showed that the native perennial grass Elymus multisetus has adapted to the exotic annual grass Bromus tectorum (figure 9). It grows faster and is competitively superior when exposed to the exotic grass compared with native plants from noninvaded sites. Restoration success comes from using the superior adapted strain of E. multisetus to outcompete the exotic invader. conservation areas (Glen et al. 2013) . Also, by isolating subpopulations of reinvaders, it may be possible to exploit Allee effects (Tobin et al. 2011 ) and incorporate management of reinvasion explicitly into reserve selection algorithms, thereby integrating reinvasion management and biodiversity conservation.
Strategies for managing reinvasion Management of reinvasion differs from management of an initial invasion in one key respect: We know the reinvader can succeed. Given the fundamental differences between initial invasions and subsequent reinvasions, as well as the major contribution that better knowledge of reinvasion processes can make to conservation planning, understanding the mechanisms driving reinvasion should therefore be a priority for managers. Hypotheses predicting the initial invasion ability of a species are likely to differ fundamentally from those that predict its reinvasion ability. As a result, management responses to reinvasion may differ from those implemented during the initial invasion in order to (a) exploit potential weaknesses in the reinvader (e.g., using genetic pest management approaches; Harvey-Samuel et al. 2017), (b) take advantage of improved understanding of the ecological processes involved, (c) make use of a wider suite of control options, or (d) control reinvaders to low density before they become widespread. In box 3, we detail examples in which conservation practitioners have altered management strategies specifically in response to the unique circumstances posed by reinvasion.
Conclusions
In formulating a paradigm for declining populations, Caughley (1994) observed that "processes relevant to the declining-population paradigm are essentially humdrum, being not one but many. " He lamented the lack of a simple theory for population decline, whereas the small population paradigm was rich in theory but lacked practical application. This argument could apply equally to biotic invasions, in which there is much theory and good conceptual understanding (Catford et al. 2009 , Blackburn et al. 2011 ), compared with the management of reinvasions, in which there is ample practical knowledge but an underdeveloped conceptual framework and inconsistent evaluation of outcomes (Pyšek and Richardson 2010) . Despite the advantage of conceptual frameworks for managing initial invasions, responses are often actioned in the absence of specific knowledge of the ecology and potential impact of the invader in its new environment. With the benefit of hindsight (i.e., armed with knowledge of biophysical processes that drove the initial invasion), it should be possible to formulate specific hypotheses for predicting risks of reinvasion, potential reinvasion pathways, and altered impacts on recipient communities and to mobilize a targeted, ecologically informed specific response to reinvasion (e.g., Edwards and Leung 2009) compared with the biosecurity responses required for initial invasions (Hulme and Richardson 2010).
To better understand and manage reinvasion by established invasive organisms, we need much better information on four types of ecological processes. These include the organism's spatiotemporal responses to fluctuating resources (Choquenot 1998) , whether reinvaders have irreversibly engineered their environment (Crooks 2002) , the dispersal and detectability of reinvaders at low population densities (Ramsey et al. 2009) , and compensatory (density-dependent) responses to control (Byrom 2002) . Most importantly, we need clarity as to whether reinvaders result from in situ breeding or immigration (Veale et al. 2012 ) to understand and manage reinvasion. Better understanding of the factors leading to reinvasion success can occur only by testing hypotheses through rigorous experimentation (Caughley 1994 ) that is designed to determine when and why the rate of increase during reinvasion differs from the rate of increase during invasion and, perhaps most importantly for management, whether and why the rate of increase during reinvasion is less than the maximum (intrinsic) rate of increase. These research directions will help to prioritize and target management responses, identify gaps in current knowledge of the biology and genetics of reinvaders, and understand reinvasions in a whole-ecosystem context. 
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